Introduction
Human pharmaceuticals are increasingly identified in effluent-dominated and -dependent urban ecosystems, which may represent worst-case scenarios for waterborne exposure to these pharmaceuticals and other contaminants of emerging concern (CECs) in developed countries [1] . Though pharmaceuticals are more water soluble than historical environmental contaminants (e.g. persistent organic pollutants), suggesting that these CECs may have lower propensities to bioconcentrate or biomagnify [2] , instream flows of urban rivers and streams that are dominated by or dependent on effluent discharges result in increased effective exposure duration to aquatic life [3] . Understanding environmental exposure and ecological impacts of pharmaceuticals and other industrial chemicals is essential for sustainable management of environmental quality, particularly in urbanizing ecosystems [4] . For example, identifying regions where pharmaceuticals present high risk to terrestrial and aquatic wildlife was recently identified as a major research need during an expert horizon scanning workshop [5] .
Perhaps the first report of a human pharmaceutical bioaccumulating in aquatic life was the contraceptive 17a-ethinyloestradiol in fish bile from Sweden [6] . Brooks et al. [7] then identified bioaccumulation of selective serotonin reuptake inhibiting (SSRI) antidepressants by fish from an effluent-dominated stream in north Texas, USA. These antidepressants were targeted for study because of high volume of distribution (V D ) values, elevated lipophilicity (e.g. necessary to cross the blood-brain barrier to elicit therapeutic benefit), slow clearance rates, biologically important activities and human usage patterns [4] . Such observations were subsequently extended to other pharmaceuticals accumulating in fish from this urban stream [8] and to other urban rivers of the USA [9] . Biotransformation and clearance of many of these pharmaceuticals may be limited in fish [10] , which may increase the potential for bioaccumulation of some pharmaceuticals, particularly when continuous exposure to effluents occurs in urban ecosystems.
Unlike many historical organic contaminants, partitioning dynamics of the majority of pharmaceuticals are not only due to hydrophobic interactions, but are also influenced by hydrogen bonding, cation exchange, cation bridging and surface complexation [11] . For example, uptake and elimination of ionizable pharmaceuticals (over 70% of drugs are ionizable) by fish [12, 13] and invertebrates [14] are modified by surface water pH [13, [15] [16] [17] . Unfortunately, environmental modelling approaches for predicting fate, transport, exposure and bioaccumulation, which were designed to address historical contaminants (e.g. persistent organic pollutants), are often inappropriate for assessing environmental risks of these chemicals [11] . In fact, Ramirez et al. [9] identified that pharmaceutical concentrations in fish were not explained by lipid normalization, an approach routinely performed when studying bioaccumulation and trophic transfer dynamics of historical environmental organic contaminants (e.g. polychlorinated biphenyls (PCBs), dioxins, furans). Understanding and predicting the uptake of ionizable pharmaceuticals in terrestrial and aquatic ecosystems was also recently identified as a major research need to better define environmental risks [5] .
Trophic transfer of chemicals can result in elevated exposure to and effects on predators at higher trophic positions (TPs), including humans [18] . Studies investigating the trophic transfer of pharmaceuticals in aquatic ecosystems, which are critically necessary for understanding the environmental disposition and impacts of pharmaceuticals, are lacking. Herein, trophic magnification factors (TMFs) are useful, because TMFs are increasingly used to assess trophic transfer of environmental contaminants by relating chemical concentrations in tissues to relative TPs of organisms in a food web [19] . The objectives of this study were thus to examine the occurrence of select pharmaceuticals in surface water and various species from a stream with instream flows dependent on municipal effluent discharge, and to test whether a laboratory-derived partitioning model could predict uptake of pharmaceuticals by fish in the field. We further identified TP of the studied organisms using stable isotope analysis and determined whether trophic transfer of select pharmaceuticals occurred in an effluent-dependent stream.
Material and methods (a) Study site and field sampling
The North Bosque River is located within the Brazos River watershed (www.brazos.org), which is the longest river basin in Texas, USA, stretching from Curry County, New Mexico, to the Gulf of Mexico. The North Bosque River was selected because instream flows are highly dependent on effluent discharge from six centralized wastewater treatment plants (WWTPs). We selected downstream of the Stephenville, Texas, WWTP as a study site for field sampling because it is the first and only major effluent discharger to this river (approx. 1 million US gallons (3.8 Â 10 6 l) discharged per day). During the present study, no stream flow was observed upstream from this WWTP; thus, instream flows of the North Bosque River were dependent on a municipal effluent discharge at the study site.
Water and biological samples were extensively collected over a 3-day period, 17-19 June 2013. Water samples were collected for nutrient analysis in the laboratory (Lachat Quikchem 8500 Flow Injection Autoanalyzer), while in situ water chemistry measurements were taken with a calibrated YSI multi-parameter data sonde. Biological sample collection followed standard techniques for periphyton, six invertebrate species (Planorbis sp. (snail; Family: Planorbidae), Hyalella azteca (amphipod; Family: Hyalellidae), Ranatra elongata (water scorpion; Family: Nepidae), Corbicula fluminea (Asian clam; Family: Corbiculidae), Uniomerus tetralasmus (Pondhorn mussel; Family: Unionidae), Utterbackia imbecillis (paper pondshell mussel; Family: Unionidae)) and six fish species (Lepomis megalotis (longear sunfish; Family: Centrarchidae), Lepomis cyanellus (green sunfish; Family: Centrarchidae), Micropterus salmoides (largemouth bass; Family: Centrarchidae), Ameiurus natalis (yellow bullhead catfish; Family: Ictaluridae), Ictalurus punctatus (channel catfish; Family: Ictaluridae), Gambusia affinis (mosquitofish; Family: Poeciliidae)). Emergence of ephemeropterans and zygopterans, which are typically multivoltine in this region, was observed immediately prior to this study, which likely explains lack of mayfly and damselfly specimens collected during field sampling. Fish were collected via a back pack electrofisher (LR-24 Electrofisher, Smith-Root, Inc., Vancouver, WA, USA) with seines and dip nets following approved IACUC and Scientific Collection Permit methods. Fish were immediately anaesthetized using MS-222, and length and mass measured on site. Blood was collected from the caudal artery with heparinized micro-haematocrit capillary tubes, and subsequently centrifuged at 13 000g for 10 min. All samples were transported to the laboratory on ice and then stored at 2808C until further analyses. During the 3-day sampling event, triplicate water samples were collected daily in 4 l pre-rinsed amber glass bottles, transported on ice to the laboratory and stored for less than 48 h at 48C prior to filtration and extraction.
(b) Chemicals, regents and sample analysis Selection of 23 target analytes was based on previously reported occurrences of these pharmaceuticals in aquatic ecosystems [20, 21] . All chemicals and their corresponding isotopically labelled analogues were obtained with various vendors [20, 21] and used as received (see the electronic supplementary material, table S1). Sample extraction and analysis followed previous methods [21 -23] in which isotope dilution was used to alleviate matrix interference with isotopically labelled internal standards for each target analyte. Plasma sample extraction followed a slightly modified methodology [24] . Similarly, this tissue sample extraction protocol generally followed previously developed methodologies [8, 20] . Detailed information regarding mass, length and composite groupings is provided in the electronic supplementary material, table S2.
All samples were analysed using liquid chromatographytandem mass spectrometry. Instrumentation parameters, separation strategy, detection of target analytes, calibration method and method detection limits (MDLs) generally followed previously reported methods [20] . In this study, MDLs represented the lowest concentrations of an analyte that were reported with 99% confidence that the concentration is different from zero in a given matrix. Less than MDL was defined as analytes being rstb.royalsocietypublishing.org Phil. Trans. R. Soc. B 369: 20140058 detected in the particular matrices, but below their corresponding MDLs. Half the MDLs were used for calculating bioaccumulation factors (BAFs) and blood water partition coefficient (P BW ) if target analytes were not detected or detected below MDLs. One method blank sample and duplicate matrix spikes were included in each analytical sample batch.
(c) Therapeutic hazards of surface water quality Predicted P BW values for each target analyte in fish plasma were generated using a previously reported physiological-based pharmacokinetic model, which derived an empirical relationship (equation (2.1)) to model branchial flux of organic chemicals across a wide range of log K ow values from 0 to 8 [25] . N and d 13 C) were determined in the Stable Isotopes Laboratory of Baylor University using a dual-inlet gas-source Stable Isotope Mass Spectrometer (Thermo-Electron, Waltham, MA, USA) and an Elemental Analyzer (Costech, Valencia, CA, USA). Data were calibrated using international standards USGS-40 and USGS-41. Analytical precision was +0.2%. Isotopic ratios in delta notation are calculated using the following equation:
where the heavier isotope is X, R sample is the raw ratio of heavy to light isotope in the analysed sample and R standard is the ratio of heavy to light isotope in the internationally recognized standards [28, 29] . TP was determined using the following equation [28] 
where the TP consumer and d
15
N consumer are the TP and stable isotope abundance, respectively, of the organism in question. N is the nitrogen-enrichment factor. An enrichment factor of 3.4‰ was chosen for this study based on a suite of previous studies [28, 30] . Furthermore, the extent of basal resources and their specific contributions to the higher TPs can be examined by using isotopes of an element that do not fractionate appreciably with increasing TPs, but where the ratios can provide information on the source of energy. This can be achieved by using stable d 13 C ratios [28] . If a species has a similar d
13
C signature to a lower TP group, it is likely that the source of energy from the higher TP is derived from the group below with a similar d 13 C signature. In order to appropriately calculate TMF throughout a food chain, similar d
C values are important. In order to describe the food web of the North Bosque River, TP and trophic extent along the d 13 C gradient were compared between all species/size classes using one-way ANOVA and Tukey HSD (honest significant difference) test. Significant differences in especially d
C ratios can then help in choosing the right species for calculating TMF across TPs.
The Bayesian mixing model Stable Isotope Analysis in R (SIAR) [31] was used to estimate diet contributions towards the major top predators in the studied food web, i.e. longear sunfish separated by their three size classes and mosquitofish. SIAR is a library in the programming language R. SIAR uses a Bayesian approach to calculate likelihoods of dietary compositions using source and consumerstable carbon and nitrogen isotope ratios. Sources for the model were defined as all lower TP species that could potentially be eaten by the fish. We eliminated all clams as sources and species that had a sample size of two or less. The sources for the model that remained were periphyton, amphipods, snails, water scorpions and mosquitofish. Their respective mean and standard deviation were used to predict diet likelihood contributions to the top predators using the SIAR model [32] . The model was run for each fish species/size class with a reiteration of 4 000 000 (400 000 burns). The model output data were summarized with standard summary statistics using the mode for each source as well as the 75th percentile and 97th percentile of the model output data. A graphical representation of diet choice likelihoods was plotted using the library ggplot2 in R [33] .
(e) Trophic magnification factors
Trophic magnification of pharmaceuticals was quantified using the slope (b) of a linear equation (equation (2.7)), which was derived using organisms from the present study [34] log
where a is the intercept of the line. The above equation is derived from an earlier form that used d 15 N instead of TP [35] , which is derived from d 15 N and gives leeway for the use of unique enrichment factors for different species or animal groups [28, 34] . TMFs were calculated from the slope b of the following equation [34] TMF ¼ 10 b :
The advantage of using TP instead of a d 15 N-derived slope is that the TP corrects for the baseline and shows the biomagnifcation potential from one TP to the next averaged over the entire food web [28, 36] . More detailed discussions on this approach can be found elsewhere [37] .
(f ) Statistical analyses
Regressions between log[contaminant] and TP were performed using SIGMAPLOT (Systat Software, San Jose, CA, USA). ANOVA was used to test variation of water exposure (SIGMAPLOT). Differences in TP and trophic extent were evaluated using one-way ANOVA between species, followed by Tukey HSD tests, performed using R (R core team, 2013); the libraries agricolae [38] for post hoc analysis and ggplot2 [33] were used for graphics.
Results and discussion (a) Traditional water chemistry measures from the North Bosque River
Water chemistry remained typically uniform over the 3-day sampling period (electronic supplementary material, Huggett et al. [26] previously proposed that if pharmaceuticals occur in fish plasma within a factor of 1000 (based on three separate safety factors of 10 for mammalian to non-mammalian species -species differences and human to animal extrapolations) from the human therapeutic dose then these chemicals deserve additional study. Bioaccummulation of diltiazem and carbamazepine was previously reported from a similar study in Sweden [24] . Similarly, Fick et al. [24] identified diltiazem to accumulate in trout plasma within a factor of 1000 from the human C max value. Pharmacological effects or other adverse outcomes of these pharmaceuticals to L. megalotis are unknown and deserve further investigation.
Observations of plasma concentrations of the ionizable weak base pharmaceuticals diltiazem and diphenhydramine and the non-ionizable therapeutic carbamazepine in L. megalotis were considerably higher than plasma concentrations predicted using equations (2.1)-(2.3) (electronic supplementary material,  table S5 ). In the case of ionizable contaminants, surface water pH and chemical pK a can influence bioaccumulation and toxicity because the non-polar neutral form is more lipophilic and bioavailable than the ionized form. In this study, pH of the North Bosque River, which was used to develop predictions of fish plasma levels presented in the electronic supplementary material, table S5, was collected on three consecutive days, but only at one point in time on each day. Variability of surface water pH can significantly shift how much of a compound is taken up by an organism [16] ; thus, diel pH variability in the North Bosque River likely modified exposure and potential toxicity to aquatic organisms therein [16] .
Such differences between observed and predicted fish plasma concentrations (electronic supplementary material, table S5) could have resulted from several other factors. Surface water samples collected from the North Bosque River were grab samples at one point in time; however, daily, weekly and seasonal variability of pharmaceuticals in wastewater effluents is inherent [21] . Furthermore, the fish plasma model tested here was based on laboratory studies with rainbow trout and nonionizable contaminants [25] . An understanding of comparative pharmacokinetics is not available among fish species, though pharmaceuticals appear differentially metabolized by trout [10] and the fathead minnow model (KA Connors, B Du, PN Fitzsimmons, AD Hoffman, CK Chambliss, JW Nichols, BW Brooks 2014, unpublished data). It is also possible that dietary exposure contributed to under-predictions of field observations.
(d) Bioaccumulation of human pharmaceuticals by various aquatic organisms
Nine target compounds were detected in various species collected from the North Bosque River. Species-specific occurrence of these compounds in periphyton and whole organism tissues and their corresponding frequency of detection are given in table 1. Typically, both level and frequency of detection were higher in invertebrates relative to fish. This observation was particularly reflected by SSRI antidepressants and anti-inflammatory drugs (diclofenac and celecoxib). Among all pharmacetuicals, celecoxib was detected at the highest level (mean ¼ 430 mg kg
21
) in the water scorpion, R. elongata. Sertraline was also observed at elevated levels (greater than 130 mg kg
) in the Asian clam, C. fluminea and the unionid mussels, U. tetralasmus and U. imbecillis.
Diphenhydramine and carbamazepine were the only target compounds ubiquitously detected in all periphyton, invertebrate and fish samples. Ramirez et al. [9] reported fish tissue concentrations of pharmaceuticals from urban US rivers influenced by WWTP discharges; occurrence patterns of pharmaceuticals in fish in this study are typically consistent with this US Environmental Protection Agency (EPA) national pilot study [9] . Also similar to observations in this study, SSRIs were rarely observed in fish fillets of EPA's national pilot study (e.g. up to 11 mg kg 21 of sertraline in C. commersonii fillets [9] ) from the North Bosque River, TX, USA. DPH, diphenhydramine; CAR, carbamazepine; NOR, norfluoxetine; SER, sertraline; FLU, fluoxetine; DES, desmethylsertraline; CEL, celecoxib; DIC, diclofenac; DIL, diltiazem; freq., frequency; n.d., not detected; ,MDL, below method detection limit. considering potential uptake routes in the three invertebrates, their results [14] suggested that aquatic species using a plastron (N. glauca) or pulmonary respiration (certain molluscs) could be exposed to less dissolved contaminants than those species using gill respiration. Other influences on uptake of pharmaceuticals by invertebrates may be locomotion and water column utilization (e.g. epibenthic, benthic, pelagic, surface swimmers). Bringolf et al. [40] investigated the occurrence, distribution and bioaccumulation of fluoxetine in Elliptio complanata (mussel) in a stream near a WWTP effluent discharge. Fluoxetine BAFs for mussels at four stream sites ranged from 125 to 1347. In more recent laboratory studies, Hazelton et al. [41] observed fluoxetine BAFs for a unionid mussel to range between 229 and 1221. Elevated SSRI levels observed in bivalves (table 1) during this study may have resulted from partitioning to lysosomes [42] . Additionally, SSRIs and other pharmaceuticals, which are weakly basic and having an amino group, have been reported to be effectively sequestered by lysosomes of mammalian cells, resulting in drug accumulation [43] . In this study, SSRI concentrations may have also been influenced by filter feeding on suspended particles. Because we prefiltered surface water samples prior to extraction, sorbed SSRIs to suspended materials were not characterized. Freshwater mollusc morphological feeding and digestive anatomy varies depending on the taxa but C. fluminea can be broadly grouped together with typical unionids [44] . When considering bioaccumulation in molluscs by filter feeding, efficiencies of particle detainment, ingestion and assimilation need to be accounted for due to removal of particles from suspension indiscriminately, creating difficulties for exposure modelling [44] . An advanced understanding of mechanisms responsible for bivalve bioaccumulation of pharmaceuticals is needed.
Pharmaceutical exposures to aquatic organisms are of particular interest in effluent-dominated or -dependent streams [1] , where effective exposure duration is increased due to limited dilution and constant introduction via effluent discharges [1] . In fact, such exposure scenarios challenge historical constructs defining 'persistence' of environmental contaminants, particularly in urban ecosystems [4] . Though sublethal effects data related to therapeutic mechanisms of action for pharmaceuticals in aquatic organisms are scarce [5] , the antiepileptic agent carbamazepine has been reported to elicit sublethal toxicity to cladocerans, albeit with concentrations that exceed relevant environmental scenarios for developed countries [45, 46] . Similar to carbamazepine, diphenhydramine was also detected in all samples analysed. Diphenhydramine is a common over-the-counter medication with multiple modes of action, including histamine, serotonin and acetylcholine receptor antagonist functions. It has been demonstrated to suppress microbial respiration [47] , modify bacterial community structure [48] and alter fish behaviour [27] at low microgram per litre concentrations. Similar to diphenhydramine, previous studies with sertraline, which also blocks serotonin reuptake transport, have also highlighted the effects on fish anxiety behaviour when plasma concentrations exceeded human C max values [17] . In the present study, sertraline was not observed in fish tissue but accumulated to relatively high levels in bivalves. An understanding of sertraline influences on unionid mussels deserves future study. Additionally, age may also affect TP and subsequently have an impact on characterization of trophic transfer [49] . We examined whether the size influenced TPs for L. megalotis and C. fluminea. Significant difference ( p , 0.05) of TP was identified among C. fluminea with three different sizes (mass), with TP increasing slightly with an increase in size of the organism. By contrast, no significant differences were found between size (length, wet mass) of L. megalotis ( p . 0.05). We also examined a potential relationship between fish TP and total length, but the relationship was not significant ( p . 0.05).
When calculating a TMF, it is important to understand the flow of energy between organisms prior to generating a regression of contaminants versus the TP. One way to define a food web is to use isotopes that do not fractionate during transfer from prey to predator (d 13 C). Such isotopic ratios are conserved and only slightly enriched (approx. 0.4 + 1.3‰) from the diet to the consumer species [30] . Thus, isotopes can be used to define a relationship of consumers supported by the same primary producers and to define energy flows in the system [30] . Establishing energy flow can be achieved by examining a bi-plot of d . Any organisms that do not feed from the same base or rely on other organisms within the isotopic mixing space should be removed from analysis before generating a TMF [50] . In this study, defining the structure of the North Bosque River food web as precisely as possible was performed to reduce uncertainty associated with calculating TMFs for ionizable pharmaceuticals. Thus, the organisms Planorbis sp. and H. azteca were removed from the calculation and regression of TMF for both diphenhydramine and carbamazepine because the d 13 C values were too depleted to consider these species as part of the same food web. A diet likelihood model was used for higher TPs to describe with a measure of certainty the contributions of lower TPs to top predators. In the present study, this model was applied to L. megalotis and G. affinis. Confirming the results of TP estimates (figure 2), the model showed a linear transfer of energy up the food web in the North Bosque River. While mosquitofish had two major diet sources, longear sunfish received their energy mainly from one source (mosquitofish). Though the one-time sampling approach likely underestimates some possible diets, and the food web was influenced by emergence of other benthic macroinvertebrates (e.g. mayflies) prior to sampling, the results highlight a simplified food web in which possible routes for energy transfer to higher TPs are limited.
TP adjusted biomagnification factors (BMFs) have previously been used to examine accumulation of chemicals from prey to predator with the presumption that dietary uptake is a critical route [47] . Chemicals with BMFs greater than unity are suggested to accumulate from prey to predator. However, if predators are able to metabolize a compound which is poorly biotransformed by organisms at lower TPs, it is difficult to evaluate the bioaccumulation between different predator -prey pairs without accurate biotransformation rates of chemicals in each species [37] . Clearly, comparative biotransformation of pharmaceuticals and other CECs are needed in fish [10] .
Biomagnification occurs when concentrations of chemical residues within organisms increase with increasing TP [30, 36] . When assessing the TMF for a chemical, it is presumed that the major exposure route for a species is through its diet. However, for aquatic species that take up chemicals through respiratory surfaces, the relative fractions of dietary uptake, active transport or passive diffusion for a specific chemical are less well studied and highly likely to affect the determination of TMF in an aquatic food web [51] . Additionally, such considerations are applicable to lower TP organisms with high surface area to body ratios. Such observations may be more pronounced for chemicals that are ionizable and experience speciation at environmentally relevant pHs. 
Gambusia affinis Lepomis megalotis (S) Lepomis megalotis (M)

Ranatra elongata Gambusia affinis Periphyton
Hyalella azteca Planorbis sp.
Hyalella azteca Planorbis sp. Though a slightly positive slope resulted from the regression between log[carbamazepine] and TP, which resulted in a TMF for carbamazepine above unity, the relationship between log [carbamazepine] and TP was not significant ( p . 0.05). Chemicals with K ow , 5, in general and without extensive metabolism, attain concentrations in organisms that represent thermodynamic equilibrium with the surrounding water. TMF . 1 (b . 0) indicates that a chemical is biomagnifying, but TMF , 1 (b , 0) indicates that a contaminant is being diluted with increased TPs. Such observations are known as trophic dilution. Thus, neither compound experienced trophic magnification across the studied aquatic food web. Trophic dilution of other organic compounds, such as polyaromatic hydrocarbons [52] , non-polybrominated diphenyl ethers [53] , polychlorinated dibenzo-dioxins, dibenzofurans and PCBs [54] , has been previously reported elsewhere. These non-ionizable compounds are generally more hydrophobic than the pharmaceuticals examined in the present study. For more intrinsically persistent and hydrophobic compounds, dietary uptake critically contributes to elevated accumulation along with respiratory uptake [55] . Hydrophobic compounds, particularly those poorly metabolized and with elevated log K ow values, are more likely to present bioaccumulation and biomagnification hazards to aquatic organisms [56] . Tissue concentrations of these hydrophobic non-ionizable contaminants are normalized by lipid content, because hydrophobic partitioning is often described by fugacity models [56] .
Ranatra elongata
Unfortunately, such historical modelling approaches do not adequately address bioaccumulation of ionizable contaminants such as the pharmaceuticals studied here [2, 4, 5, 11, 14] . For example, as noted above, tissue samples were not lipid normalized in the present study because fish tissue levels of pharmaceuticals and lipid content were not significantly related [9] .
When trophic dilution is observed for more hydrophobic compounds, it is likely due to substantial biotransformation rates and/or poor assimilation efficiencies in organisms at higher TPs [52] . Comparative biotransformation of pharmaceuticals by aquatic organisms at different TPs is not understood, though we recently reported that rainbow trout exhibited limited in vitro biotransformation for several pharmaceuticals, including diphenhydramine [10] . Future studies are needed to define pharmaceutical biotransformation by other fish and invertebrate species. But if biotransformation of diphenhydramine is also limited in species examined from the North Bosque River, assimilation efficiencies of diphenhydramine in organisms at higher TPs are expected to be low. Thus, it appears that uptake of ionizable pharmaceuticals by aquatic organisms may be more likely to occur from respiratory exchange (inhalation) than assimilation from diet, based on observations for diphenhydramine in the present study. 
